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Abstract 19 

Atmospheric microplastics (MPs) and plasticizers are emerging contaminants requiring 20 

systematic research on urban-rural exposure inequality urgently. This study examined 21 

MPs and plasticizers in PM2.5 across urban-rural and indoor-outdoor environments in 22 

Northern China'sChina’s Guanzhong Plain by integrating indoor-outdoor time-activity 23 

weighted exposure. The 24 h time-weighted exposure concentrations for MPs and 24 

plasticizers were 3.6 and 6.8 times higher, respectively, in rural areas than in urban areas. 25 

Polyethylene terephthalate (PET) exhibited the greatest disparity in urban-rural MPs 26 

exposure. Plasticizer exposure was overwhelmingly dominated by phthalates, with 27 

di(2-ethylhexyl) phthalate (DEHP) reaching exceptionally high concentrations in rural 28 

indoor air (≈ 600 ng m-3), far exceeding urban levels (10.4 times). Rural residents 29 

experienced consistently higher inhalation exposure to MPs and plasticizers, resulting 30 

in substantially elevated health risks, with non-carcinogenic and carcinogenic risks both 31 

6.9 times higher than the urban populations. The volume-normalized oxidative potential 32 

(DTTv) was significantly higher in rural than in urban environments (10.8 vs. 1.79 nmol 33 

min-1 m-3) and strongly correlated with most MPs and plasticizer species (r > 0.7). 34 

Source apportionment revealedindicated that contacting plastic products accounted for 35 

contributed 51.7% of the MPs and plasticizersplasticizer exposure in rural areas, nearly 36 

doubletwice the urban value of contribution (27.6%. In contrast,%), whereas 37 

transportation-related sourcesources contributed only 5.990% in rural areas but 38 

compared with 22.6% in urban areas. These results demonstrate clear urban–rural 39 

inequality in MPsRural residents had higher inhalation exposure and health risks, with 40 

non-carcinogenic and carcinogenic risks both 6.9 times higher than urban populations. 41 

PET, PE and PS induced reactive oxygen species (ROS) in A549 cells with potency 42 

exceeding that of several crustal metals in PM2.5, with PET showing the highest 43 

oxidative stress potency, followed by PS and PE. The three polymers contributed 0.52% 44 

and plasticizers exposure 0.15% to PM2.5-induced ROS in rural and related health 45 

effectsurban samples, respectively. These findings reveal that indoor accumulation in 46 
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rural environments is a dominant driver of urban-rural inequalities in PM2.5-bound MPs 47 

and plasticizer exposure, highlighting the need forimportance of rural indoor exposure-48 

based and equity-aware assessment frameworks pathways and interventions for air 49 

source-specific mitigation strategies for emerging plastic-related air contaminants, 50 

especially for disadvantaged rural areas.. 51 

 52 

Keywords: Microplastics and plasticizers; Phthalates; Urban–rural difference; 53 

Oxidative potential; Source analysis 54 

  55 



 

4 

 

1. Introduction 56 

Systematic disparities exist between urban and rural areas in terms of population 57 

density, industrial structure, and lifestyle patterns, which profoundly shape their 58 

respective pollution emission characteristics and human exposure conditions (He et al., 59 

2017; Song et al., 2024). Urban regions are typically characterized by higher population 60 

agglomeration, intensive industrial production, and transportation activities (Zhao et al., 61 

2020). In contrast, rural areas often feature dispersed residential patterns, agriculture-62 

dominated livelihoods, and relatively underdeveloped waste management infrastructure 63 

(Hart et al., 2005; Mihai et al., 2021). This spatial heterogeneity in socioeconomic 64 

conditions and environmental governance suggests that the sources, transport pathways, 65 

and exposure profiles of air pollutants may also exhibit significant spatial 66 

differentiation (Tomar et al., 2023). 67 

As plastic production continues to increase and improper disposal becomes more 68 

common, contamination by microplastics (MPs) and plasticizers has substantially 69 

increased (Sharma et al., 2023). Atmospheric MPs typically refer to plastic particles in 70 

the air whose diameter is smaller than 5 mm (Arthur et al., 2009). Apart from the plastic 71 

daily necessities we encounter in our lives, MPs in urban areas may exhibit pollution 72 

patterns dominated by industrial and transportation sources (Järlskog et al., 2021; Qiu 73 

et al., 2020). While rural areas are more likely to experience MPs pollution from 74 

agricultural plastic products, such as greenhouse films and drip irrigation tapes, and 75 

improper waste management practices (Bonyadinejad et al., 2022). Previous studies 76 

have characterized atmospheric MP concentrations across different settings. Klein et al. 77 

(2023) reported higher deposition rates in urban than rural areas in northern Germany; 78 

D. Luo et al. (2024) found the highest MP concentrations in urban areas of the Qinghai-79 

Tibet Plateau; and Liao et al. (2021) observed higher indoor than outdoor MP 80 

concentrations with urban levels exceeding those in rural areas. However, these studies 81 

lack a systematic evaluation of the differences in exposure to MPs between urban and 82 

rural populations.  83 
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Atmospheric MPs enter the human body primarily through respiration (Rahman et 84 

al., 2021). These particles reach the lungs and cause inflammation, which affects 85 

respiratory function (Amato-Lourenço et al., 2021; Saha & Saha, 2024). They also enter 86 

the bloodstreamMPs have been detected in human blood and affect multiple organs, 87 

thereby posing a multifaceted range of health risks to humans (Saha & Saha, 2024). 88 

Plasticizers are a class of chemicals used to enhance the properties of plastics, such 89 

asseveral tissues, including the lungs and placenta, suggesting their flexibility and 90 

malleability (Hahladakis et al., 2018), which are usually released into the atmosphere 91 

during the formation of MPs. These pollutants can enter the environment through 92 

various pathways, posing a potential threat to ecosystemsfor systemic translocation and 93 

human health (Samaeiassociated multiorgan health effects (Bastyans et al., 2022; Leslie 94 

et al., 2022; Nihart et al., 2025; SuRagusa et al., 2022). Oxidative stress2021). Reactive 95 

oxygen species (ROS) generation is regardedincreasingly recognized as a key 96 

bridgepathway linking MPs exposure to cellular injury. Studies across multiple 97 

biological models have shown that links pollutant exposure to health effects (Lodovici 98 

& Bigagli, 2011; Zhoupolypropylene (PP), polystyrene (PS), polyethylene 99 

terephthalate (PET), and polyethylene (PE) can elevate intracellular or mitochondrial 100 

ROS, leading to inflammatory signaling, lipid metabolic disruption, mitochondrial 101 

dysfunction, apoptosis, genotoxicity, and ferroptosis (Florance et al., 2022; K. Wang et 102 

al., 2023). Oxidative potential (OP) refers to the ability of a certain substance (such as 103 

particulate matter or MPs) to induce oxidative stress.; Ding et al., 2024; Lu et al., 2025; 104 

Wang et al., 2025; Wei et al., 2025). These studies indicate that diverse MPs can elicit 105 

ROS‑mediated effects across multiple cell types and tissues. Therefore, it is critical to 106 

investigate scientific issues such as whether MPs and the plasticizers can produce OP, 107 

and whether there are significant differences in their effects in urban and rural 108 

environments. This can provide a systematic understanding of the health hazards and 109 

mechanisms of MPs and the plasticizers. 110 

To address these research gaps, by combining environmental measurements with 111 
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questionnaire-based time–activity data, we quantified inhalation personal exposure to 112 

MP and plasticizers and assessed its non-carcinogenic and carcinogenic risks in PM2.5 113 

across typical urban and rural areas of the Guanzhong Plain, northernNorthern China. 114 

We also evaluated the oxidation potential and its relationship with MPs and plasticizers 115 

to elucidate the exposure toxicity of these contaminants. Finally, a preliminary analysis 116 

was conducted to determinedetermined the source contribution and the main driving 117 

factor of the significant difference in exposure to indoor MPs and plasticizers. Finally, 118 

we evaluated ROS generation induced by representative MPs (PET, PE, and 119 

plasticizersPS) in A549 cells and estimated their contributions to PM2.5-induced 120 

oxidative stress to characterize the potential toxicity of airborne MPs. This integrated 121 

framework provides new insights into urban–rural exposure inequality associated with 122 

airborne MPs and plasticizers and offers deeper understanding of the health hazards of 123 

emerging air pollutants. 124 

2. Materials and Methodsmethods 125 

2.1 Sampling sites and PM2.5 sample collection 126 

Indoor and outdoor atmospheric PM2.5 samples were collected from urban and 127 

rural areas in January 2024. The rural sampling site was Shibao Village, Yijun County, 128 

Tongchuan Citycity, northern Guanzhong, Shaanxi Province, northwest China. The 129 

urban sampling site was Yanta District, Xi’an, the largest city in northwest China. The 130 

distance between these two sampling sites is 138.9 km. Fig. 1 depicts the locations of 131 

the two sampling sites and presents field photographs captured during the sampling 132 

period. 133 
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 134 

 135 

Fig. 1 Geographic locations and photographs of the urban and rural sampling 136 

sites. 137 

PM2.5 samples were collected in indoor and outdoor settings by using an SKC 138 

sampler (PM2.5 model; SKC Inc., USAUS) equipped with a 10 L min−1 flow pump 139 

(constant flow sampler; SKC) and a quartz filter membrane with 37 mm diameter and 140 

a pore size of 2.2 μm (Whatman, Buckinghamshire, UK). In cases of indoor sampling, 141 

the sampler was placed in the living room or bedroom and not in the kitchen to avoid 142 

interference from cooking fumes. Given that rural households are often large open-plan 143 

spaces combining sleeping, cooking, and living areas, efforts were made to place the 144 

sampler as far as possible from the cooking area. The indoor sampler was placed 1.5 m 145 

above the ground, corresponding to the average breathing height of humans. PM2.5 146 
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samples were then continuously collected for 2 days in 10 rural households and 11 147 

urban households, each over a 24 h period , resulting in 19 rural indoor PM2.5 samples 148 

and 22 urban indoor PM2.5 samples. Outdoor sampling was conducted in both areas on 149 

3 separate days during the indoor sampling period for comparison with the indoor 150 

samples. Rural sampling was conducted at the villagers’ square in the village, whereas 151 

urban sampling was conducted outdoors in residential areas. The outdoor sampling sites 152 

were relatively open with no clear pollution sources. The outdoor sampler was similarly 153 

placed approximately 1.5 m above the ground, with its filter membrane (with a diameter 154 

of 47 mm) collected and replaced every 24 h. A total of three rural outdoor and three 155 

urban outdoor PM2.5 samples were collected, for a total of 47 filter membranes.  156 

2.2 Questionnaire survey and weighted respiratory exposure calculation 157 

During the sampling period, we conducted a questionnaire survey for each adult 158 

member of targeted household. These surveys captured daily routines of each 159 

participant, including types of activities carried out indoors and outdoors, the time 160 

required and frequency for these activities, frequency of plastic product use during 161 

activities such as cooking, cleaning, shopping, and farming, window ventilation habits, 162 

and laundry practices. Possibly due to the influence of the cold winter weather and the 163 

similar age of the participants, the time spent outdoors and the frequency of such 164 

activities were roughly the same, approximately 20.5 h in indoor settings and 3.5 h in 165 

outdoor settings. The time-weighted calculations were conducted on the personal 166 

exposure concentrations of MPs and plasticizers based on their concentrations in indoor 167 

and outdoor microenvironments. 168 

2.3 Analysis of MPs and plasticizers in PM2.5  169 

MPs were identified and quantified using pyrolysis gas chromatography mass 170 

spectrometry (Py-GC/MS), a technique that thermally decomposes polymers into 171 

characteristic marker compounds for unambiguous identification (Table S1) (Liu et al., 172 

2023). Filter samples were introduced into a Curie point pyrolyzer coupled online to a 173 

GC/MS system, where rapid heating at 670°C generated diagnostic pyrolyzates that 174 
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were separated on a mid-polarity capillary column and detected in full scan mode. 175 

Quantification was based on calibration curves derived from authentic pyrolysis 176 

standards of each polymer. 177 

Three classes of plasticizers, namely phthalate esters (PAEs), benzothiazoles (BTs), 178 

and bisphenol A (BPA), were quantified in PM2.5 samples. PAEs were analyzed by 179 

thermal desorption gas chromatography mass spectrometry following internal standard 180 

calibration with deuterated surrogates, avoiding solvent extraction and minimizing 181 

sample loss (Ho et al., 20192008; Ho et al., 20082019). BTs were extracted with an 182 

aqueous methanol mixture, purified through Oasis HLB solid phase cartridges, and 183 

quantified by ultrahigh performance liquid chromatography coupled to a triple 184 

quadrupole mass spectrometer operating in positive ion multiple reaction monitoring 185 

mode (Nuñez et al., 2020). BPA was determined following acidified methanol 186 

extraction and filtration, using high performance liquid chromatography with 187 

fluorescence detection at excitation and emission wavelengths of 275 and 313 nm, 188 

respectively (García-Prieto et al., 2008; Zhou et al., 2011). Detailed protocols, 189 

instrument parameters, quality assurance procedures, method detection limits and the 190 

detected components and their abbreviations are provided in our Supporting 191 

Information (Text S1 and Table S2). All analyses of MPs and plasticizers were 192 

subjected to duplicate testing every five samples to ensure data reliability, with a 193 

duplicate testing deviation of ≤ 20%.  194 

2.4 Health effects assessment 195 

2.42.4.1 Non-carcinogenic and carcinogenic risks 196 

MPs and plasticizers inhalation exposure health risk were quantified using the 197 

United States Environmental Protection Agency’s (US EPA) health risk assessment 198 

framework. Based on available toxicity parameters from the US EPA and previous 199 

studies (Esmaeilbeigi et al., 2023; Liu et al., 2023; Shi et al., 2019; K. Wang et al., 200 

2025 ), nine substances were prioritized for risk screening: PS, PET, dimethyl phthalate 201 

(DMP), diethyl phthalate (DEP), butyl benzyl phthalate (BBP), di(2-ethylhexyl) 202 
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phthalate (DEHP), di-n-octyl phthalate (DnOP), BPA, and BT. Noncarcinogenic risk 203 

was evaluated via the hazard quotient (HQ), Carcinogenic risk was assessed using the 204 

incremental lifetime cancer risk (ILCR). For specific calculation methods, see the 205 

Supplementary Information file (Text S3).  206 

2.4.2 Determination of OP of PM2.5 207 

This study employed the dithiothreitol method to detect OP in PM2.5 samples (Y. 208 

Luo et al., 2024). Briefly, 4 mL of a sample extract obtained by ultrasonication was 209 

mixed with 1 mL of 1 mM DTT solution (≥98%, Meryer; pH 7.4 buffer), resulting in a 210 

final concentration of 200 μM. At each time point (0, 5, 15, 30, 45, and 60 min), 0.5 mL 211 

of the DTT reaction mixture was added to amber centrifuge tubes preloaded with 0.5 212 

mL of trichloroacetic acid (1%, w/v) to terminate the reaction. Subsequently, 25 μL of 213 

10 mM 5,5′-dithiobis (2-nitrobenzoic acid) (≥98%, Meryer) and 1 mL of 1 M Tris-HCl 214 

buffer solution were added to each centrifuge tube. After 200 μL of the solution was 215 

transferred to a 96-well plate, absorbance was measured at 412 nm using a microplate 216 

reader (FlexStation 3 Multi-Mode; Molecular Devices, San Jose, CA, USA). All 217 

procedures were conducted in the dark.  218 

A preestablished standard curve was used to determine the concentration of DTT. 219 

The DTT consumption rate for each sample was calculated on the basis of absorbance 220 

measurements conducted at predetermined time points (unit: μM min−1). According to 221 

the literature, the volume-normalized DTT consumption rate (DTTv, nmol min−1 m−3) 222 

characterizes overall OP under environmental exposure conditions, whereas the mass-223 

normalized DTT consumption rate (DTTm, pmol min−1 μg−1) characterizes the intrinsic 224 

oxidative activity of PM2.5. In this study, each sample was subjected to two replicate 225 

experiments (relative deviation below 5%), with the mean value taken as absorbance at 226 

that time point. At least one blank control was included in each experiment. A 227 

calibration curve was prepared using DTT solution at 15 concentration points (range: 228 

1–750 μmol L−1) for quantitative analysis, with linear regression coefficients (r2) 229 

greater than 0.99. 230 
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2.5 Analysis of influencing factors and source apportionment 231 

Indicators from the urban and rural household survey questionnaires were 232 

categorized based on sampling location and surrounding environment, daily living 233 

habits (use of air purification equipment, ventilation frequency, and cleaning practices), 234 

and exposure to plastic products. The frequency distribution of survey data was 235 

converted to calculate variable averages by using SPSS 26.0, yielding a comprehensive 236 

current status score of environment survey indicators (Table S3). Then further 237 

assessment of the main influencing factors that affect the concentrations and 238 

distributions of MPs and plasticizers in urban and rural areas in this study. 239 

The U.S. Environmental Protection Agency (US EPA) Positive Matrix 240 

Factorization (PMF 5.0) model was conducted to explore the source of MPs and 241 

plasticizers in rural and urban PM2.5 indoor exposure sample (Norris et al., 2014). Eight 242 

MP components (PET, PP, PE, PS, Polymethylpolymethyl Methacrylate (PMMA), PVC, 243 

NR, SBR_BR) and five plasticizer components (2-hydroxybenzothiazole (HOBT), 2-244 

(4-morpholinyl) benzothiazole (24MoBT), DEHP, DNOP, BPA) were used as source 245 

tracers, outputting to the model. The PMF model simplifies complex data with 246 

numerous variables into source types and species combinations representing source 247 

contributions. Based on preliminary observations and surveys of indoor environments 248 

during sampling, supplemented by literature review, four source factors were identified 249 

in both rural and urban environments in this study. The reliability of the PMF method 250 

used in this study is detailed in Text S2 and Table S4 of the supporting informationthree- 251 

to five-factor solutions were evaluated for both the rural and urban datasets. The number 252 

of factors was selected by jointly considering Q(Robust)/Q(True), scaled residual 253 

distributions, signal-to-noise ratios, agreement between observed and predicted 254 

concentrations, factor interpretability, and Bootstrap reproducibility. The four-factor 255 

solution provided the best overall balance between goodness of fit and factor stability. 256 

Bootstrap analysis was conducted for 100 runs, and the detailed diagnostic results are 257 

provided in Text S2 and Table S4 of the Supporting Information. 258 
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2.5 Health effects assessment 259 

2.5.1 Non-carcinogenic and carcinogenic risks 260 

MPs and plasticizers inhalation exposure health risk were quantified using the 261 

United States Environmental Protection Agency’s (US EPA) health risk assessment 262 

framework. Based on available toxicity parameters from the US EPA and previous 263 

studies (Esmaeilbeigi et al., 2023; Liu et al., 2023; Shi et al., 2019; K. Wang et al., 264 

2025 ), seven substances were prioritized for risk screening: dimethyl phthalate (DMP), 265 

diethyl phthalate (DEP), butyl benzyl phthalate (BBP), di(2-ethylhexyl) phthalate 266 

(DEHP), di-n-octyl phthalate (DnOP), BPA, and BT. Noncarcinogenic risk was 267 

evaluated via the hazard quotient (HQ), Carcinogenic risk was assessed using the 268 

incremental lifetime cancer risk (ILCR). For specific calculation methods, see the 269 

Supplementary Information file (Text S3).  270 

3. Results and Discussion 271 

2.5.2 Intracellular ROS assay of MP standards and PM2.5 extracts 272 

Human A549 lung epithelial cells were used to evaluate intracellular ROS 273 

formation induced by PET, PE, PS, and PM2.5 extracts. PET and PE standards had 274 

nominal particle diameters of 1 μm, whereas the PS standard had a nominal diameter 275 

of 2.5 μm. The polymer standards were purchased from Jiangsu Zhongke New 276 

Materials Co., Ltd., China. The selection of PET, PE, and PS was primarily based on 277 

their environmental representativeness and toxicological relevance. All three were the 278 

main polymers detected in the PM2.5 samples in this study, with PET dominating the 279 

indoor samples and exhibiting the most significant urban-rural exposure differences; 280 

PS and PE also showed high detection levels. Furthermore, these three materials 281 

represent different chain structures: PET with an ester-based backbone, PE with a fully 282 

aliphatic chain, and PS with aromatic side chains. These structures can preliminarily 283 

reflect the differences in ROS induction among different polymer structures in a limited 284 

experimental system. Therefore, this study used them as representative microplastics 285 

for screening cellular ROS experiments. 286 
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A549 cells were cultured in Ham’s F-12 medium supplemented with 10% heat-287 

inactivated fetal bovine serum and 1% penicillin–streptomycin at 37 °C in a humidified 288 

5% CO2 atmosphere. The three polymer standards dispersed in culture medium by 289 

ultrasonication for 20 min followed by vortexing for 20 s immediately before cell 290 

exposure. Indoor PM2.5 filter punches collected from rural and urban households were 291 

pooled separately to generate representative samples for cellular experiments, followed 292 

by methanol extraction using ultrasonication (20 min × 3), filtration, evaporation under 293 

nitrogen, reconstitution in DMSO, and dilution to the desired concentrations. Cells were 294 

seeded in 96-well plates at a density of 8,000–10,000 cells well-1 and cultured for 8 h 295 

before exposure. PET, PE, PS, rural PM2.5 extracts, urban PM2.5 extracts, and the 296 

reference compound tert-butylhydroquinone (t-BHQ) were serially diluted in cell 297 

culture medium. After 12 h of exposure, intracellular ROS generation was determined 298 

using the DCFH-DA assay. 299 

In this study, a CCK-8 kit (Jiangsu Kaiji Biotechnology, China) was used to assess 300 

cell viability. The viability of all cells exceeded 80% after 24 h of drug exposure. ROS 301 

induction was expressed as the fold change relative to the negative control. Linear 302 

concentration–response models were fitted over the approximately linear portion of the 303 

response. The concentration producing a 1.5-fold increase in intracellular ROS relative 304 

to the control was defined as the EC1.5. Lower EC1.5 values indicate greater ROS-305 

inducing potency. All cell experiments were performed with six replicate wells. 306 

2.5.3 CA-based estimation of MP contributions to PM2.5-induced ROS 307 

A concentration-addition-based (CA) equivalent approach was applied to estimate 308 

the contributions of PET, PP, and PS to the intracellular ROS response induced by PM2.5. 309 

t-BHQ was used as the reference compound. For the specific calculation method, refer 310 

to the study by Jin et al. (Jin et al., 2019). The resulting contributions were interpreted 311 

as screening-level estimates based on the concentration-addition assumption. 312 

3. Results and discussion 313 

3.1 Urban–Rural Disparitiesrural disparities in MPs and Plasticizers 314 

Exposureplasticizers exposure 315 
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A pronounced inequality in 24 h time-weighted personal exposure to MPs and 316 

plasticizers is evident between urban and rural settings (Fig. 2). For MPs, the exposure 317 

burden falls disproportionately on rural residents (Fig. 2a). The distribution of rural 318 

exposure is markedly broader and higher compared to the urban profile, with the mean 319 

concentration in rural areas (17.5 ng m-3) being 3.6 times higher than in urban areas 320 

(4.94 ng m-3). This inequityequity  is even more severe for plasticizers (Fig. 2b). Rural 321 

populations experience a substantially greater and more concentrated exposure burden, 322 

as shown by the dominant green violin plot, with a mean concentration (1070 ng m-3) 323 

that is 6.8 times the urban mean (158 ng m-3). 324 

Analysis by contaminant type reveals a complex but consistent pattern of 325 

inequality (Fig. 2c & 2d). Rural areas showed higher time-weighted exposure than 326 

urban areas for seven microplastic types, excluding PVC. The urban-rural exposure 327 

disparity was greatest for PET. Rural populations endure significantly greater exposure 328 

to specific high-concern substances: PAEs and BTs are higher by +-912 ng m⁻³ and +-329 

12.5 ng m⁻³, respectively. While BPA exposure is moderately lower in rural areas 330 

(−(+12.5 ng m-3), this is overshadowed by the vast excess of PAEs. For MPs, rural 331 

inequality is driven by notably higher exposure to polymers like polyethylene 332 

terephthalate (PET, +-8.92 ng m-3). These stark disparities point to fundamentally 333 

different emission sources and exposure pathways. The elevated rural burden is likely 334 

tied to agricultural practices, localized industry, and distinct waste management, 335 

whereas urban exposures stem from traffic, construction, and consumer product 336 

emissions. This evidence underscores a clear environmental inequality, where rural 337 

residents face a significantly higher aggregate burden of emerging contaminant 338 

exposureThese stark urban–rural disparities in exposure suggest divergent source 339 

contributions and accumulation dynamics between the two settings. The underlying 340 

drivers—including indoor emission intensity, retention processes, and ventilation 341 

conditions—are further explored in Section 3.6. 342 



 

15 

 

 343 



 

16 

 

 344 

Fig. 2 Urban-rural inequality in time-weighted personal exposure to (a) total MPs, (b) 345 

total plasticizers, (c) eight types of MPs, and (d) three types of plasticizers. (In Fig. 2c 346 

and 2d, rural values are used as the reference; negative values indicate that weighted 347 

exposure concentration in rural areas is higher than in urban areas). 348 

3.2 Chemical composition differences of MPs 349 

As shown in Fig. 3, PET had the highest mass concentration among all eight MPs. 350 

MPs exposure was consistently higher in rural versus urban settings (Fig. 3a and 3b). 351 

The disparity was most pronounced indoors, where rural concentrations (19.3 ng m-3) 352 

exceeded urban levels (4.98 ng m-3) by a factor of 3.9. In contrast, outdoor 353 

concentrations were lower and the disparity reduced, with rural areas (7.41 ng m-3) 354 

showing only 1.6 times the exposure of urban areas (4.70 ng m-3). With the exception 355 
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of urban outdoor environments, PET ranked first in terms of mass concentration in the 356 

other three sampling environments, ranging from 32.8% in urban indoor environments 357 

to 59.9% in rural indoor environments. A study conducted in Sri Lanka reported that 358 

PET was the dominant MP in both indoor and outdoor environments (Perera et al., 359 

2022). In the present study, PET, PS, PVC, and PE were the primary MPs detected in 360 

urban and rural indoor environments, accounting for 46.4%, 12.5%, 10.5%, and 9.8%, 361 

respectively, of the total mass concentrations of MPs (Figs. 3c and 3e). Vehicle-tyre 362 

wear markedly influenced the relative abundances of NR and SBR (Rauert et al., 2021). 363 

When averaged across urban and rural sites, NR rose from 3.7% indoors to 13.1% 364 

outdoors, while SBR increased from 2.9% indoors to 16.2% outdoors. In urban outdoor 365 

environments, the proportions of NR and SBR reached 15.4% and 25.7%, respectively, 366 

making them the most abundant MPs in these environments. This underscores the 367 

importance of closely monitoring and controlling the concentrations of these MPs in 368 

urban outdoor environments. 369 

 370 
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 371 

Fig. 3 (a-b) MPs concentration comparison between rural and urban environments; (c-372 

f) the proportions of MPs in different environments. 373 

3.3 Characteristics of plasticizers 374 

In this study, we examined three types of plasticizers: PAEs (six species), BTs 375 

(nine species), and BPA. Overall, PAEs had the highest mass concentration among the 376 

plasticizers, with an average mass concentration of 457.0 ng m-3 (Fig. 4). The average 377 

mass concentrations of BPA and BTs were both less than 30 ng m-3. In indoor 378 

environments, both PAEs and BTs exhibit higher concentrations in rural areas than in 379 

urban areas. In outdoor environments, the concentration of PAEs in cities is slightly 380 

higher than that in rural areas, while the concentration of BTs in cities is approximately 381 

twice that in rural areas. Unlike the completely opposite concentration characteristics 382 

of PAEs and BTs between urban and rural areas in indoor environments, the 383 

concentration of BPA is consistently higher in cities than in rural areas in both indoor 384 

and outdoor environments. 385 

For PAEs, it was noteworthy that the mass concentrations of DNOP and DEHP 386 

were extremely high. Especially in rural indoor environments, the concentration of 387 

DEHP was close to 600 ng m-3, while that of DNOP was approximately 450 ng m-3. 388 

The average mass concentrations of the remaining four components—dibutyl phthalate 389 
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(24.9 ng m−3), BBP (18.1 ng m−3), DMP (6.17 ng m−3), and DEP (5.58 ng m−3)—were 390 

all relatively low, with none of them exceeding 30 ng m−3. In all sampling environments, 391 

the mass concentrations of these six PAEs exhibited uniform spatial variation patterns, 392 

with the highest concentrations observed in rural indoor environments and the lowest 393 

concentrations observed in urban indoor environments. These results indicate that rural 394 

residents are exposed to higher levels of PAEs pollution. 395 

BTs were present at relatively low mass concentrations, with individual levels 396 

remaining below 6 ng m-3, representing the lowest concentrations among the three 397 

classes of plasticizers analyzed. Within this group, HOBT, BT, 2-benzothiazolyl-N-398 

morpholinyl sulfide (OBS), and 24MoBT showed relatively higher mass concentrations 399 

in rural indoor and urban outdoor environments.  400 

 401 

Fig. 4 Mass concentrations of plasticizers (a and d: PAEs; b and e: BTs; c and f: 402 

BPA) in indoors and outdoors of rural-urban environments. 403 

3.4 Health effects of MPs and plasticizers in PM2.5 404 

3.4.1 Noncarcinogenic and carcinogenic risks 405 

As shown in Table 1, except for BPA, the ADDs of 24 h time-weighted personal 406 
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exposure to PS, PET, DMP, DEP, BBP, DEHP, and DnOP in rural areas were always 407 

higher than those in urban areas. 3.4Specifically, the ADD of DEHP was 1.43 × 10−4 408 

mg kg−1 d−1 in rural areas and 2.05 × 10−5 mg kg−1 d−1 in urban areas, indicating 409 

significantly higher exposure in rural areas. In addition, the ADD of BBP was 1.06 × 410 

10−5 mg kg−1 d−1 in rural areas and 2.08 × 10−6 mg kg−1 d−1 in urban areas, underscoring 411 

substantially greater rural exposure levels. Moreover, the ADD of DnOP was 1.07 × 412 

10−4 mg kg−1 d−1 in rural areas and 1.07 × 10−5 mg kg−1 d−1 in urban areas, pointing to a 413 

markedly elevated rural exposure burden. In contrast to these results, the ADD of BPA 414 

was lower in rural areas (2.85 × 10−6 mg kg−1 d−1) than in urban areas (6.28 × 10−6 415 

mg kg−1 d−1). Taken together, these findings indicate differences in exposure levels to 416 

MPs and plasticizers between urban and rural areas, with rural areas carrying a higher 417 

risk of exposure. 418 

As shown in Table 1, the HQ in urban and rural areas was between 6.60 × 10−8 and 419 

2.66 × 10−3. In addition, the HI calculated in rural areas (9.99 × 10−3) was approximately 420 

6.9 times higher than that in urban areas (1.44 × 10−3). Although the noncarcinogenic 421 

risks of all MPs were below 1.0, DEHP (rural settings: 71.6%, urban settings: 71.1%) 422 

and DnOP (rural settings: 26.7%, urban settings: 18.6%) significantly contributed to the 423 

calculated HI, and their health risks remain a concern, particularly in rural indoor 424 

environments.  425 

Table 1 Noncarcinogenic risk of time-weighted respiratory exposure to MPs and 426 

plasticizers in urban and rural environments. 427 

 

RfD 

(mg kg-1d-1) 

Rural Urban 

 

ADD 

(mg kg-

1d-1) 

HQ 
HQ/HI 

(%) 

ADD 

(mg kg-

1d-1) 

HQ 
HQ/HI 

(%) 

PS 0.02 5.40×10-7 2.70×10-5 0.27  1.78×10-7 8.90×10-6 0.62  

PET 0.1 2.86×10-6 2.86×10-5 0.29  4.20×10-7 4.20×10-6 0.29  

DMP 10 3.80×10-6 3.80×10-7 0.00  6.60×10-7 6.60×10-8 0.00  

DEP 0.8 3.76×10-6 4.70×10-6 0.05  3.91×10-7 4.88×10-7 0.03  

BBP 0.2 1.06×10-5 5.28×10-5 0.53  2.08×10-6 1.01×10-5 0.72  
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DEHP 0.02 1.43×10-4 7.15×10-3 71.61  2.05×10-5 1.03×10-3 71.05  

DnOP 0.04 1.07×10-4 2.66×10-3 26.68  1.07×10-5 2.68×10-4 18.59  

BPA 0.05 2.85×10-6 5.71×10-5 0.57  6.28×10-6 1.26×10-4 8.69  

HI \ \ 9.99×10-3 \ \ 1.44×10-3 \ 

As shown in Table 2, DEHP accounted for more than 99% of the total carcinogenic 428 

risk (ΣILCR) in both rural and urban environments, with BT and BBP making relatively 429 

low contributions to such risk. The ΣILCR value for the rural samples was calculated 430 

as 2.00 × 10−6, which exceeds the internationally recognized risk threshold (1.0 × 10−6), 431 

indicating that MPs and plasticizers in rural environments pose a clear carcinogenic risk 432 

through respiratory exposure pathways, which warrants immediate attention. By 433 

contrast, the ΣILCR value for the urban samples was calculated as 2.88 × 10−7, 434 

indicating an acceptable degree of risk. The carcinogenic risk caused by individual 435 

exposure to MPs and plasticizers in PM2.5 in rural areas was about 7 times higher than 436 

that in urban areas. These results also suggest that DEHP is the primary driver of 437 

carcinogenic risk for MPs and plasticizers. Further research is required to examine the 438 

specific exposure pathways and pollution sources of DEHP. 439 

Table 2 Carcinogenic risk of time-weighted respiratory exposure to MPs and 440 

plasticizers in urban and rural environments. 441 

  
EC 

(μg m-3) 

IUR 

(m3 μg-1) 

SF 

(kg d mg-1) 
ILCR 

ILCR/ 

ΣILCR 

(%) 

Rural 

BT 3.37210-3 1.810-7 \ 6.0710-10 0.03 

BBP \ \ 0.00019 2.0110-9 0.10 

DEHP \ \ 0.014 2.0010-6 99.87 

ΣILCR \ \ \ 2.0010-6 \ 

Urban 

BT 1.00110-3 1.810-7  1.8010-10 0.06 

BBP \ \ 0.00019 3.9610-10 0.14 

DEHP \ \ 0.014 2.8710-7 99.80 

ΣILCR \ \ \ 2.8810-7 \ 

3.4.2 Effects of MPs and plasticizers on OP in PM2.5  442 

DTTv of PM2.5 in rural areas showed that the mean and median values were 10.8 443 



 

22 

 

(± 12.6) and 4.86 nmol min−1 m−3, respectively, ranging between 1.19 and 37.2 444 

nmol min−1 m−3, which were significantly higher than the mean (1.79 ± 1.47 445 

nmol min−1 m−3) and median (1.31 nmol min−1 m−3) values measured in urban areas (Fig. 446 

5a). Previous research demonstrated that DTTv exhibits significant spatial 447 

heterogeneity across the southeastern United States, with elevated levels in urban and 448 

roadside zones linked to cardiovascular and respiratory diseases (Fang et al., 2016; 449 

Fang et al., 2015). The substantially higher DTTv observed in rural areas of this study 450 

suggests that rural populations may face comparable or greater health risks from 451 

oxidative stress induced by airborne pollutants. The mean DTTm value was still higher 452 

in rural areas (34.7 ± 27.9 pmol min−1 μg−1) than in urban areas (27.8 ± 20.4 453 

pmol min−1 μg−1), although the median values of the two areas were somewhat close 454 

(41.72 vs. 20.23 pmol min−1 μg−1) (Fig. 5b), indicating that MPs and plasticizers in rural 455 

settings exhibited more stable oxidative activity and quality-related toxicity. DTTm 456 

characterizes the inherent oxidizing capacity of chemically active species in particulate 457 

matter and is governed by chemical composition (particularly structural features such 458 

as peroxide content in organic compounds) rather than by concentration or size 459 

distribution, as evidenced by strong correlations between DTTm and specific molecular 460 

functionalities (Jiang et al., 2019; Wang et al., 2018). MPs and plasticizers exhibit 461 

higher levels and greater variability in terms of environmental exposure OP (DTTv) and 462 

intrinsic OP (DTTm) in rural areas than in urban areas, which may be attributable to 463 

differences in pollution sources and particle composition between urban and rural areas. 464 

This once again demonstrates the difference in toxicity risk caused by exposure to PM2.5 465 

between urban and rural areas. 466 
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 467 

Fig. 5 Comparison of (a) DTTv and (b) DTTm of 24 h time-weighted urban and 468 

rural PM2.5. Correlation between (c) DTTv, (d) DTTm and MPs/plasticizers in urban 469 

and rural environments (*P < 0.05). 470 

Fig. 5c and 5d also depicted the Pearson correlations of DTTv and DTTm with MPs 471 

and plasticizers. In this study, most MPs exhibited a significant positive correlation with 472 

DTTv (r > 0.65), especially NR (r > 0.7), followed by PS and PET (r > 0.69). 473 

Additionally, all MPs showed a weak positive correlation with DTTm (0.2 < r < 0.4). 474 

Wei et al. (2025) reported that MPs induced the production of mitochondrial reactive 475 

oxygen species (ROS), which triggered autophagy-dependent ferroptosis, thereby 476 

exacerbating inflammatory responses in chronic obstructive pulmonary disease. Jeon et 477 

al. (2023) examined PP and PS as MPs and reported that the pathogenic factor in THP-478 

1 macrophages was the intrinsic ROS-generating potential of MPs. Florance et al. (2022) 479 

discovered that sulfated PS nanoparticles induced mitochondrial oxidative stress, 480 



 

24 

 

leading to lipid metabolism disorders and oxidative damage in human macrophages. 481 

Ding et al. (2024) indicated that PS particles primarily accumulated in rat gastric tissue, 482 

triggering oxidative stress, mitochondrial damage, and genotoxicity. Lu et al. (2025) 483 

reported that PET induced oxidative stress, lipid accumulation, and apoptosis in 484 

hepatocytes, leading to structural damage and functional abnormalities in the liver. 485 

Wang et al. (2025) discovered that high levels of exposure to PE resulted in the 486 

upregulation of proinflammatory genes in follicular fluid and increased ROS in oocytes, 487 

ultimately affecting oocyte quality. 488 

As shown in Fig. 5c, most of the BTs exhibited strong positive correlations with 489 

DTTv, with correlation coefficients approaching 1.0. These results indicated that these 490 

substances efficiently drove DTT consumption, which in turn promoted OP generation. 491 

By contrast, PAEs exhibited a weak positive correlation with DTTv, and BPA exhibited 492 

a negative correlation with DTTv, suggesting their weak contribution to the OP of 493 

particles mediated by DTTv. This inconsistency with the noncarcinogenic and 494 

carcinogenic effects of PAEs described in Section 3.5.1 indicates that PAEs exhibit 495 

diverse toxic mechanisms, with their health impacts potentially mediated through 496 

endocrine disruption, genotoxicity, or oxidative stress (Wang et al., 2023). 497 

Environmental media, exposure scenarios, limitations of a single assessment method 498 

all influence the expression of toxicity. Therefore, future evaluations of the health risks 499 

of MPs and plasticizers should integrate multidimensional approaches, optimize 500 

methods for specific scenarios, and construct a multilevel evidence chain to enhance 501 

accuracy. As shown in Fig. 5d, the correlation coefficients between plasticizers and 502 

DTTm significantly decreased, with the radial range decreasing to −0.1 to 0.1. This 503 

phenomenon underscores the limitations of DTTm in characterizing the intrinsic activity 504 

of OP. In summary, DTTv sensitively captures the environmental OP risks of MPs and 505 

BTs, whereas DTTm lacks sensitivity in intrinsic activity analysis. The differences 506 

between these two indicators demonstrate the complementarity of the environmental 507 

exposure and intrinsic activity perspectives in OP evaluation, providing a reference for 508 
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the multidimensional analysis of OP induced by MPs and plasticizers in PM2.5. 509 

3.5 Influencing factors and sources of MPs and plasticizers 510 

Substantial disparities in the dominant factors influencing MPs and plasticizers 511 

were observed between rural and urban households in this study (Table S3). Among 512 

rural households, contact with plastic products exhibited the highest composite score 513 

(mean: 1.80), followed by sampling location and surrounding environment (1.53), and 514 

daily living habits (1.50). In urban households, in contrast, daily living habits ranked 515 

first (1.73), followed by contact with plastic products (1.54), while sampling location 516 

and surrounding environment contributed the least (1.45). These survey-based findings 517 

suggested that MPs and plasticizers in rural areas were more strongly associated with 518 

direct plastic usage and external environmental factors, whereas MPs and plasticizers 519 

in urban areas were more closely linked to lifestyle-driven behaviors, such as using 520 

more personal cleaning and care products, beauty products, printed materials, etc. 521 

To further explore the differences in exposure to MPs and plasticizers between 522 

rural and urban areas, source apportionment analysis was conducted using PMF models, 523 

and almost identical four contributing factors were identified, as shown in Fig. 6. 5. 524 

Although the four-factor PMF solution showed generally satisfactory diagnostic 525 

performance and Bootstrap reproducibility, the source results should be interpreted at 526 

the level of broad source patterns rather than as uniquely resolved emission sources. 527 

Seven of the eight factors had Bootstrap mapping rates above 80%, while rural factor 3 528 

had a mapping rate of 76%, indicating greater uncertainty in this factor. In addition, 529 

several polymers and additives may be shared among different consumer and household 530 

sources. 531 

Factor 1, characterized by high and balanced loadings across multiple polymers 532 

(e.g., PE, PP, PS) and plasticizer species (e.g., HOBT, DEHP), was attributed to the 533 

general impact of contacting plastic products. (Liao et al., 2021). Factor 2 exhibited 534 

pronounced contributions from NR and BR_SBR, markers of tire wear, and was 535 

assigned to transportation-related sources. (Miller et al., 2022; Panko et al., 2019; Pan 536 
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et al., 2012). Factor 3 displayed elevated loadings of PVC and PMMA, polymers 537 

commonly used in construction and interior finishing materials, (Li et al., 2021), and 538 

thus represented home decoration sources. Factor 4 (Others) represented residual 539 

sources where plasticizer concentrations substantially exceeded those of microplastic 540 

components, reflecting the release of plasticizers from non-plastic consumer products 541 

such as recycled paper, coated containers, paints, inks, personal care products, thermal 542 

paper, and industrial additives. (Loganathan & Kannan, 2011). 543 

Quantitative source contributions further underscored urban–rural heterogeneity. 544 

In rural areas, plastic products (factor 1) accounted for 51.7% of the total source 545 

contribution, nearly double the urban value of 27.6%, establishing this category as the 546 

predominant source in rural environments. This divergence likely reflects higher 547 

intensity of plastic use in rural areas, where plastic items may undergo more frequent 548 

reuse, accelerating wear and tear and consequently releasing greater amounts of MPs 549 

(Licciardello, 2024). It may also stem from lower waste management standards in rural 550 

environments and the limited availability of plastic alternatives. Conversely, 551 

transportation (factor 2) contributed only 5.9% in rural areas but 22.6% in urban 552 

samples, directly implicating tire wear particles and rubber additives as major urban 553 

sources, consistent with dense traffic networks and high vehicle ownership in urban 554 

areas. The questionnaire survey revealed that no target households in rural or urban 555 

areas had engaged in renovation activities within the past three years. Home decoration 556 

materials (factor 3) contributed modestly in both settings, with 4.2% in rural and 9.1% 557 

in urban areas; the slightly higher urban share may be attributable to greater density of 558 

synthetic building materials. Others (factor 4) accounted for substantial proportions in 559 

both rural and urban areas, at 38.2% and 40.7% respectively, with a marginally higher 560 

urban value that may reflect more intensive consumption of processed goods, cosmetics, 561 

and printed materials for urban residents. Critically, this reveals that plasticizers enter 562 

the environment independently of plastics, complicating their source attribution and 563 

mitigation. 564 
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Collectively, these results delineate fundamentally distinct contamination regimes 565 

in rural and urban indoor environments. Rural MPs and plasticizers pollution is 566 

dominated by an externalized product-oriented pathway, driven by reliance on single-567 

use plastics and inadequate waste infrastructure, resulting in a use-end-dominated 568 

pattern characterized by direct consumer plastic inputs. Urban MPs and plasticizers 569 

pollution, by contrast, exhibits a multi-source composite regime shaped by the interplay 570 

of lifestyle-driven consumption, infrastructure-related emissions notably from tire wear, 571 

and dynamic releases from the built environment including aging PVC and PMMA 572 

from construction materials. This pronounced structural heterogeneity in source 573 

apportionment provides a robust scientific foundation for spatially differentiated and 574 

precisely targeted mitigation strategies of MPs and plasticizers. 575 

576 

Fig. 65 Source contribution and profiles for MPs and plasticizers in PM2.5 in rural and 577 

urban areas based on the PMF model. 578 

3.5 Health effects of MPs and plasticizers in PM2.5 579 

3.5.1 Noncarcinogenic and carcinogenic risks 580 

As shown in Table 1, except for BPA, the ADDs of 24 h time-weighted personal 581 
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exposure to DMP, DEP, BBP, DEHP, and DNOP in rural areas were always higher than 582 

those in urban areas. Specifically, the ADD of DEHP was 1.43 × 10−4 mg kg−1 d−1 in 583 

rural areas and 2.05 × 10−5 mg kg−1 d−1 in urban areas, indicating significantly higher 584 

exposure in rural areas. In addition, the ADD of BBP was 1.06 × 10−5 mg kg−1 d−1 in 585 

rural areas and 2.08 × 10−6 mg kg−1 d−1 in urban areas, underscoring substantially 586 

greater rural exposure levels. Moreover, the ADD of DNOP was 1.07 × 10−4 mg kg−1 d−1 587 

in rural areas and 1.07 × 10−5 mg kg−1 d−1 in urban areas, pointing to a markedly 588 

elevated rural exposure burden. In contrast to these results, the ADD of BPA was lower 589 

in rural areas (2.85 × 10−6 mg kg−1 d−1) than in urban areas (6.28 × 10−6 mg kg−1 d−1). 590 

Taken together, these findings indicate differences in exposure levels to plasticizers 591 

between urban and rural areas, with rural areas carrying a higher risk of exposure. 592 

As shown in Table 1, the HQ in urban and rural areas was between 6.60 × 10−8 and 593 

2.66 × 10−3. In addition, the HI calculated in rural areas (9.93 × 10−3) was approximately 594 

6.9 times higher than that in urban areas (1.43 × 10−3). Although the noncarcinogenic 595 

risks of all plasticizers were below 1.0, DEHP (rural settings: 72.01%, urban settings: 596 

71.7%) and DNOP (rural settings: 26.83%, urban settings: 18.76%) significantly 597 

contributed to the calculated HI, and their health risks remain a concern, particularly in 598 

rural indoor environments.  599 

Table 1 Noncarcinogenic risk of time-weighted respiratory exposure to MPs and 600 

plasticizers in urban and rural environments. 601 

 

RfD 

(mg kg-1d-1) 

Rural Urban 

 

ADD 

(mg kg-

1d-1) 

HQ 
HQ/HI 

(%) 

ADD 

(mg kg-

1d-1) 

HQ 
HQ/HI 

(%) 

DMP 10 3.80×10-6 3.80×10-7 0.004  6.60×10-7 6.60×10-8 0.005  

DEP 0.8 3.76×10-6 4.70×10-6 0.05  3.91×10-7 4.88×10-7 0.03  

BBP 0.2 1.06×10-5 5.28×10-5 0.53  2.08×10-6 1.01×10-5 0.73  

DEHP 0.02 1.43×10-4 7.15×10-3 72.0  2.05×10-5 1.03×10-3 71.7  

DNOP 0.04 1.07×10-4 2.66×10-3 26.8  1.07×10-5 2.68×10-4 18.8  

BPA 0.05 2.85×10-6 5.71×10-5 0.57  6.28×10-6 1.26×10-4 8.77  

HI \ \ 9.93×10-3 \ \ 1.43×10-3 \ 
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As shown in Table 2, DEHP accounted for more than 99% of the total carcinogenic 602 

risk (ΣILCR) in both rural and urban environments, with BT and BBP making relatively 603 

low contributions to such risk. The ΣILCR value for the rural samples was calculated 604 

as 2.00 × 10−6, which exceeds the internationally recognized risk threshold (1.0 × 10−6), 605 

indicating that MPs and plasticizers in rural environments pose a clear carcinogenic risk 606 

through respiratory exposure pathways, which warrants immediate attention. By 607 

contrast, the ΣILCR value for the urban samples was calculated as 2.88 × 10−7, 608 

indicating an acceptable degree of risk. The carcinogenic risk caused by individual 609 

exposure to MPs and plasticizers in PM2.5 in rural areas was about 7 times higher than 610 

that in urban areas. These results also suggest that DEHP is the primary driver of 611 

carcinogenic risk for MPs and plasticizers. Further research is required to examine the 612 

specific exposure pathways and pollution sources of DEHP. 613 

Table 2 Carcinogenic risk of time-weighted respiratory exposure to MPs and 614 

plasticizers in urban and rural environments. 615 

  
EC 

(μg m-3) 

IUR 

(m3 μg-1) 

SF 

(kg d mg-1) 
ILCR 

ILCR/ 

ΣILCR 

(%) 

Rural 

BT 3.3710-3 1.810-7 \ 6.0710-10 0.03 

BBP \ \ 0.00019 2.0110-9 0.10 

DEHP \ \ 0.014 2.0010-6 99.9 

ΣILCR \ \ \ 2.0010-6 \ 

Urban 

BT 1.0010-3 1.810-7  1.8010-10 0.06 

BBP \ \ 0.00019 3.9610-10 0.14 

DEHP \ \ 0.014 2.8710-7 99.8 

ΣILCR \ \ \ 2.8810-7 \ 

3.5.2 Intracellular ROS and CA-based contribution to MPs 616 

The EC1.5 values of the three MPs ranged from 1.58 × 10-5 to 1.03 × 10-4 mol L⁻¹, 617 

corresponding to the following potency ranking: PET > PS > PE. PET exhibited the 618 

lowest EC1.5 (1.58 × 10-5 mol L⁻¹) and an approximately 6.5-fold greater molar effect 619 

potency than PE (1.03 × 10-4 mol L⁻¹). These differences suggest that repeat-unit 620 

chemistry and associated surface properties may influence the oxidative potential of 621 
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different polymers. Table 3 compares the EC1.5 for three representative MP polymers 622 

and several PM2.5-associated metals and polycyclic aromatic hydrocarbons (PAHs).  623 

The ROS-inducing potencies of the different substances were highly 624 

heterogeneous, with EC1.5 values spanning more than six orders of magnitude. The 625 

carcinogenic PAHs, such as dibenzo[a,l]pyrene (DBalP) and benzo[a]pyrene (BaP) and 626 

the redox-active transition metals, like Mn(II) and Cu(II) showed the high-potency of 627 

ROS, whereas the relatively redox-inactive crustal elements Rb(I), Mg(II), Al(III), and 628 

Ti(IV) exhibited substantially lower potencies. The three MPs molar effect potencies 629 

were approximately 1.3-2.2 orders of magnitude lower than those of Cu(II) and Mn(II). 630 

PET and PS were generally approximately one to two orders of magnitude more potent 631 

than Rb(I), Mg(II), Al(III), and Ti(IV), whereas PE was only approximately 2- to 15-632 

fold more potent than these four elements. 633 

Based on CA equivalent approach, the three MP polymers together accounted for 634 

approximately 0.52% of the PM2.5-induced ROS response in rural samples and 0.15% 635 

in urban samples (Table S5). PET made the largest contribution, mainly because of its 636 

substantially higher environmental abundance. Although the direct ROS contribution 637 

of three MPs was limited, their toxicological significance may extend beyond their 638 

intrinsic oxidative activity. Environmental MPs possess strong sorption capacities for 639 

hydrophobic organic contaminants (e.g., PAHs and per-and polyfluoroalkyl substances 640 

(PFAS)) and heavy metals, allowing them to function as vectors for co-contaminants 641 

through the “Trojan horse” effect (Zhang & Xu, 2022). The subsequent desorption of 642 

these contaminants following inhalation and cellular uptake may increase their local 643 

bioavailability and amplify oxidative stress, inflammation, and other toxic responses 644 

compared with exposure to MPs or co-contaminants alone (Hahladakis et al., 2018; 645 

Prata, 2018; Amato-Lourenço et al., 2021). Therefore, assessing the health risks of MPs 646 

based solely on their intrinsic toxicity may underestimate their potential impacts under 647 

environmentally realistic co-exposure conditions (Hu et al., 2022).  648 

Table 3 Comparison of EC1.5 values for ROS induction between MPs and typical 649 
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PM2.5‑bound metals and PAHs. 650 

Category Substance EC1.5 (mol L-1) Source 

Metal Rb(Ⅰ) 1.5110-3 Chen et al., 2025 

Metal Mg(Ⅱ) 3.9810-4 Chen et al., 2025 

Metal Al(Ⅲ) 3.7010-4 Chen et al., 2025 

Metal Ti(Ⅳ) 2.2910-4 Chen et al., 2025 

MPs PE 1.0310-4 This study 

MPs PS 2.1110-5 This study 

MPs PET 1.5810-5 This study 

Metal Cu(II) 8.2810-7 Chen et al., 2025 

Metal Mn(II) 6.0310-7 Chen et al., 2025 

PAHs BaP 1.6010-8 Chen et al., 2025 

PAHs DBalP 1.2010-9 Chen et al., 2025 

 651 

Note: EC1.5 represents the concentration required to induce a 1.5-fold increase in intracellular ROS 652 

relative to the control; lower EC1.5 values indicate greater oxidative stress potency. Molar 653 

concentrations of PET, PE, and PS are expressed as repeat-unit-equivalent concentrations, with 654 

corresponding repeat-unit molar masses of 192.2, 28.05, and 104.2 g mol-1, respectively. 655 

3.6 Dominated drivers underlying urban–rural exposure inequality 656 

The indoor and outdoor concentration distributions (Figures 3 and 4) further 657 

indicated that pollutant concentrations were substantially elevated in the rural indoors, 658 

with an rural– urban concentration ratio of 3.9 for MPs and a nearly order‑of‑magnitude 659 

gap for DEHP and other typical PAEs; however, urban outdoor PAEs were slightly 660 

higher than rural levels, and urban MPs were slightly lower. This inversion 661 

demonstrates that differences in indoor source emission strength, combined with indoor 662 

accumulation and retention, constitute the core mechanism driving urban–rural 663 

exposure inequality. PMF source apportionment revealed that the core structural 664 

difference in urban–rural exposure to MPs and plasticizers lies in the contribution gap 665 

from plastic‑product‑related sources: these sources accounted for 51.7% of the total in 666 

rural areas, roughly 1.9 times the urban value (27.6%). 667 
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The combined evidence from PMF source apportionment, indoor–outdoor 668 

concentration patterns, questionnaire responses, and field observations suggests that 669 

household activities and residential characteristics jointly drive the substantially higher 670 

indoor burden of MPs and plasticizers in rural households. The aging and resuspension 671 

of everyday plastic items contribute significantly: rural households tend to use plastic 672 

commodities (storage containers, tableware, table covers, etc.) for longer periods with 673 

higher reuse rates, leading to more severe material degradation and sustained release of 674 

MPs and plasticizers (Yu et al., 2023; Wang et al., 2024). Frequent turning of heavy 675 

winter clothing and synthetic bedding facilitates resuspension of fibrous MPs, while 676 

prolonged food storage in plastic bags and containers adds to plasticizer volatilization, 677 

together forming a baseline of indoor sources (Hernandez et al., 2017; Vassilenko et al., 678 

2021; Wang et al., 2024; Bi et al., 2024). According to the questionnaire information, 679 

60% of rural households in this survey burn plastic waste (such as apple bags, recycled 680 

mulch film, etc.) in indoor stoves (usually used as kindling for solid fuel) or nearby 681 

yards during the winter heating season. the incomplete combustion generates flue gases 682 

rich in MPs and plasticizers. Burning indoors directly retains the emissions in living 683 

spaces, while courtyard burning allows the fumes to infiltrate indoors through 684 

door/window gaps and ventilation openings (Velis & Cook, 2021; Wu et al., 2021; 685 

Růžičková et al., 2023). 686 

Beyond source strength differences, the residential characteristics of rural areas in 687 

winter markedly reduce pollutant dispersion and thus amplify urban–rural exposure 688 

disparities. During the sampling period in January 2024, the average daily outdoor 689 

temperature for rural households was -5°C, and the average indoor temperature was 690 

9°C (without central heating); while the average daily outdoor temperature for urban 691 

households was -1°C, and the average indoor temperature was 21°C. Inadequate 692 

ventilation dilution is a primary factor: the cold winter climate in the Guanzhong Plain 693 

prompts rural families to substantially reduce window opening for thermal insulation. 694 

Questionnaire responses showed that the composite score for “daily living habits” 695 
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(including ventilation frequency, cleaning practices, and use of air purifiers) was lower 696 

in rural areas (1.50) than in urban areas (1.73), indicating generally lower ventilation 697 

and cleaning frequencies. Meanwhile, winter heat-retention practices in rural area in 698 

order to resist the cold, such as sealing doors and windows and installing door curtains, 699 

increase building airtightness and reduce natural ventilation and outdoor air infiltration, 700 

thereby lowering air exchange rates and weakening pollutant dilution and removal 701 

(Ghasemi et al., 2020; Jahanbin & Semprini, 2022; Mukai et al., 2009; Wallace et al., 702 

2002; Zhang et al., 2022). The low air exchange rate prevents indoor‑emitted MPs and 703 

plasticizers from being diluted, leading to continuous accumulation in enclosed spaces. 704 

Moreover, the interconnected cooking, living, and sleeping areas in many rural houses 705 

limit the effectiveness of kitchen exhaust for whole‑house dilution (Feng et al., 2025). 706 

In addition, decentralized heating in rural homes can generate buoyancy-driven indoor 707 

airflow, altering the transport, dispersion, and decay of deposited particles; stronger 708 

near-floor airflow and turbulence may increase particle resuspension.  709 

In summary, the superposition of source strength and retention effects collectively 710 

elevates the indoor inhalation exposure burden of rural residents and provides a 711 

mechanistic explanation for the marked urban–rural differences in health risks. The 712 

stronger indoor sources and reduced pollutant removal in rural households resulted in 713 

substantially higher inhalation exposure, which was reflected in the greater ROS-714 

inducing potential of rural PM2.5 samples and the elevated non-carcinogenic and 715 

carcinogenic risks associated with MPs and plasticizers compared with urban areas. 716 

Based on these contrasting source and exposure patterns, source-informed exposure-717 

reduction priorities may differ between the investigated rural and urban settings. For 718 

the rural households, potential measures include reducing the repeated handling and 719 

indoor storage of disposable or aged plastic materials, improving plastic-waste 720 

collection and separation, avoiding uncontrolled waste burning, increasing ventilation 721 

when outdoor conditions permit, and adopting lower-emission alternatives for food 722 

storage and agricultural materials. For the investigated urban environment, priorities 723 
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may include reducing traffic-related non-exhaust emissions, particularly tire-wear 724 

particles, and strengthening the control of emissions associated with consumer products 725 

and building materials. These recommendations represent source-informed priorities 726 

rather than quantitatively validated mitigation efficiencies. 727 

4. Conclusion  728 

TheThis study revealed significant urban–rural inequalityinequalities in exposure 729 

to atmospheric MPs and plasticizers was observed in northernin the Guanzhong Plain 730 

in Northern China in this study. 24 h time-weighted MPs exposure concentrations in 731 

rural areas were approximately 3.6 times higher than in urban areas, while plasticizer 732 

exposure was even greater, 6.8 times. Notably, PAEs levels, especially DEHP, were 733 

markedly elevated in rural indoor air, reaching approximately 600 ng m-3. Tire wear-734 

derived polymers, including NR and SBR, were major contributors to the MPs in 735 

outdoor environments. MP and plasticizer pollutionexposure in rural areas was 736 

primarily stems from the repeatedassociated with plastic product-related sources, 737 

suggesting that frequent use and indoor accumulation of plastic-containing products 738 

and weak waste management systems, forming a pollution pattern dominated by direct 739 

input of plastic consumer goodsrepresent key pathways contributing to rural exposure. 740 

In contrast, urban pollution exhibits multi-source and complex characteristics, resulting 741 

from the combined effects of various human activities. Critically, the carcinogenic risk 742 

from MPs and plasticizers in rural environments exceeded the recommended limit and 743 

was about 7 times higher than in urban settings, with DEHP accounting for the majority 744 

(>99%) of the risk. DTTᵥ of PM2.5 was significantly higher in rural areas, indicating 745 

greater potential to induce oxidative stress under real exposure conditions. It correlated 746 

strongly with MPs such as PET, PS, PP, and with benzothiazoles; whereas DTTm 747 

showed limited sensitivity due to compositional and concentration effects in PM2.5. This 748 

distinction highlights the complementary roles of exposure-driven (DTTv) and 749 

intrinsic-activity (DTTm) perspectives in OP evaluation.. The in vitro tests further 750 

indicated that PET, PE and PS have certain efficacy in inducing ROS. Their contribution 751 
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to the ROS of PM2.5 is approximately 0.52% (in rural areas) and 0.15% (in urban areas).  752 

Although there are some limitations in this study, such as the relatively small 753 

sample size and research area, the constrained geographic scope, the lack of physical 754 

methods to determine the morphology of MPs, and the winter-only sampling season 755 

which may limit the generalizability of our findings to other seasons (e.g., summer with 756 

different ventilation and source patterns), this is the first systematic study of 757 

atmospheric MPs and plasticizers conducted in both indoor and outdoor environments 758 

across urban and rural areas in northernNorthern China. The substantial Our findings 759 

demonstrate that urban-rural inequalities exist between urban and rural residents in 760 

terms ofPM2.5-bound MPs and plasticizersplasticizer exposure are primarily driven by 761 

elevated indoor accumulation in rural environments. The results further support 762 

prioritizing source-informed exposure-reduction measures in rural households, 763 

particularly those targeting indoor pollutant accumulation and emissions associated 764 

health effects. The higher environmental health burden borne by rural populations 765 

underscores the urgent need to integrate equity considerations into environmental 766 

policywith the use and risk assessment frameworks, and to implement targeted 767 

interventions to protect rural community healthstorage of plastic-containing products. 768 
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